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5.1 IntroductionEcotoxicology thrives to understand how natural or synthetic chemi-cal pollutants impact, alone or in combination with other stressors, on constituents of ecosystems in an integral manner (Truhaut, 1977). Nanoecotoxicology has recently emerged as a sub-discipline 
of ecotoxicology and specifically aims to identify and predict effects 
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142 Ecotoxicological Aspects of Nanomaterials in the Aquatic Environment
elicited by nano-sized materials on ecosystems. To achieve this aim, nanoecotoxicology needs to take into consideration the entry routes and fate of nanomaterials in the abiotic and biotic environment to 
define exposure. It moreover needs to identify those interactions of nanomaterials with biota that alter the proper function of cells com-prising an organism, thus impacting populations, which in turn can lead to changes in community structure and function. Together, this information can be used to evaluate the risk that nanomaterials may have in a given environment. An increasing number of ecotoxicity studies are reporting 
on the toxicity of various engineered nanomaterials, specifically nanoparticles (NP), to organisms living in the aquatic environment 
including plants, fungi, algae, invertebrates and fish (Baun et al., 2008; Farre et al., 2009; Handy et al., 2008a; Navarro et al., 2008a). In a first stage, most studies have been descriptive or ‘‘proof-of-principle’’ 
experiments that have tried to document toxic effects, and report the concentrations of NP that produce toxicity to individual organisms. 
Reported effect concentrations were often high, in the mg/L range, but were based on intended (i.e., nominal) exposure concentrations irrespective of behavior in aqueous media and bioavailability. More emphasis has recently been laid on proper characterization of the NP in single species experimental setups as well as in model ecosystems. Nevertheless, information on environmental NP bioavailability to 
different aquatic organisms, interaction with biomolecules in cells of organisms, and sensitivity of biotic communities and ecosystem 
processes to NP exposure is still scarce. It does not allow as yet to conclude on ecological implications; thus, the need of an ecological 
perspective in nanoecotoxicology has been emphasized (Bernhardt 
et al., 2010; Klaine et al., 2008).  Given the growing variety of NP, along with the diversity of aquatic species and environments, a key to promote sound risk assessment in nanoecotoxicology is to understand the mechanisms that govern the fate of NP in aquatic environments and their behavior at the NP-biota interface. The aim of this chapter is to provide an overview of those mechanisms known or anticipated to date. We focus on metal-based NP (MeNP) because, for the areas addressed by us, research is more advanced for these NP compared to other types of NP. However, the mechanistic view provided here can in principle be transferred to other types of NP as well.
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5.2 Fate in the Aquatic Environment 
The most important processes affecting the fate of nanoparticles in aquatic systems are agglomeration and aggregation, dissolution, redox reactions and transformation into new solid phases (Handy 
et al., 2008b; Klaine et al., 2008; Navarro et al., 2008a; Nowack and 
Bucheli, 2007). Agglomeration or aggregation of nanoparticles lead to larger particles, which may be removed from the water column and transported to the sediments. Nanoparticles are only weakly bound by agglomeration, whereas chemical bonds between particles are formed upon aggregation (Jiang et al., 2009). Bioavailability of 
NP and their dissolution behavior may also be different for larger agglomerated particles. Agglomeration is determined by the medium composition, mostly ionic strength, pH and the concentration of 
natural organic matter. To assess the effects of these various factors, 
the behavior of different types of NP needs to be considered, such as elemental MeNP (e.g., Ag(0), Au(0), Cu(0)), metal oxide NP (e.g., TiO2, Al2O3, CeO2, ZnO), quantum dots and carbon-based NP (carbon nanotubes and fullerenes).  Elemental MeNP are maintained in suspension by their surface coating, which may be negatively or positively charged, or may be 
stabilizing based on steric effects. Examples are AgNP suspensions which are stabilized by carbonate, citrate, or charged polymers. 
Other polymeric coatings stabilize AgNP by steric effects (e.g., 
polyvinylpyrrolidone PVP). Effects of pH and ionic strength on the agglomeration of AgNP suspensions have been examined for various coatings. Agglomeration has been observed in particular at low pH, when the negative surface charge of the coating becomes neutralized, 
and at high ionic strength (Badawy et al., 2010; Elzey and Grassian, 2010; Gao et al., 2009; Huynh and Chen, 2011; Piccapietra et al., 
2012). Humic acids are expected to influence the suspension stability 
by interactions with the surfaces and by steric effects. In natural waters, the water composition with respect to pH, ionic strength, concentration of divalent cations and of fulvic and humic acids will determine the colloidal stability of AgNP suspensions (Piccapietra et 
al., 2012). These factors have also to be considered in media used for biological experiments with AgNP.  Metal oxide NP such as TiO2, Al2O3, and CeO2 behave as oxides with a strongly pH-dependent surface charge, due to the protonation and deprotonation of the surface OH-groups, if they are not coated 
Fate in the Aquatic Environment
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by organic compounds or functionalized. Agglomeration of these metal oxides is expected at neutral surface charge in the pH range of the zero point of charge, which is a distinct characteristic of each of the oxides. For example, CeO2 NP have a zero point of charge in the neutral pH-range 7–8 (De Faria and Trasatti, 1994; Nabavi et 
al., 1993). Agglomeration of CeO2 NP has been observed around pH 7, such as in media used for growth and toxicity testing of aquatic organisms (Rogers et al., 2009; Van Hoecke et al., 2009). TiO2 behaves in a similar way, with a zero point of charge in the neutral pH-range. Stabilization of TiO2 NP by humic acids has been demonstrated (Domingos et al., 2009).  Dissolution reactions of NP are expected to play an important role in their toxicity, as toxic metal ions may be released from the NP, in particular Ag+ from AgNP, Cu2+ from elemental Cu or from CuO NP, Zn2+ from ZnO, Cd2+ from quantum dots (e.g., CdSe, CdTe). Toxicity of these ions to aquatic organisms is well known and strongly depends on speciation of these ions in solution (Campbell et al., 2002; Hiriart-
Baer et al., 2006).  Dissolution reactions of AgNP lead under oxidation of Ag(0) to the release of free Ag+ ions, which may be determining the toxic 
effects (Kittler et al., 2010; Navarro et al., 2008b). The rate and extent of dissolution is expected to be dependent on the solution 
conditions, such as pH, presence of oxygen and effects of ligands (Galloway et al., 2010). Increased dissolution at low pH, as well as the role of O2 and H2O2 as oxidants was shown (Galloway et al., 
2010). Increased dissolution of AgNP in the presence of algae has 
been postulated to influence their toxicity (Navarro et al., 2008b). Various coatings on AgNP determine the extent and kinetics of the dissolution reactions (Odzak et al., 2012). The release of Ag+-ions 
from AgNP in the presence of chloride or sulfide may lead to the 
formation of solid silver chloride or silver sulfide at the surface of 
the NP, as demonstrated upon aging of AgNP with chloride (Badawy 
et al., 2010), and for the formation of silver sulfide upon exposure of AgNP in a pilot wastewater treatment plant (Kaegi et al., 2011). 
Sulfide may form the very insoluble silver sulfide solid phase, but also dissolved silver complexes (e.g., AgHS0, Ag(HS)2–) and small AgxSy 
aggregates (Bell and Kramer, 1999; Luther and Rickard, 2005).  The solubility of metal oxide NP varies over a wide range, depending on their composition and on the crystal structures. For 
example, Ce(IV)O2 has very low solubility at neutral pH, and soluble 
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Ce(IV) species occur only at pH < 4 (Hayes et al., 2002; Yu and O’Keefe, 2006). Free Ce4+ ions only occur in very acidic solutions. 
However, upon reduction to Ce(III), the Ce solubility is strongly increased (Hayes et al., 2002). In a similar way, the solubility of TiO2 is very low at neutral pH (Knauss et al., 2001; Ziemniak et al., 1993). 
In contrast to these poorly soluble oxides, ZnO is readily soluble, and 
effects of ZnO have been shown to mostly depend on released Zn2+ (Franklin et al., 2007). 
 Quantum dots, such as CdSe, are usually coated with a zinc sulfide 
shell and with organic polymers. In spite of this coating, substantial release of Cd2+ from CdSe quantum dots has been observed in toxicity experiments (King-Heiden et al., 2009; Klaine et al., 2008). 
5.3 Fate in Model EcosystemsEcotoxicity studies of appropriate ecological relevance include those involving communities where various species occur within a complex network and interact with each other and the abiotic environment to provide ecosystem processes. Considering the entrance of NP in the aquatic environment, most urgent questions are (1) where do NP partition in aquatic systems and in which physico-chemical state; (2) 
are the NP bioavailable; (3) do NP affect the structure and function of biotic communities, and (4) do community changes entail changes in ecological processes? Among a dozen of published studies that can be considered as ecologically relevant, all have considered MeNP and have examined their distribution in diverse model systems enclosed in microcosm or mesocosms. Examination of the fate of gold nanorods 
in an estuarine ecosystem containing sediments, microbial biofilms, 
primary producers, filter feeders, grazers and omnivores identified 
the filter feeders as the most effective sink for NP, followed closely 
by biofilms (Ferry et al., 2009). While the question whether and how NP are taken up by aquatic organisms remains to be elucidated in 
detail (see Section 5.4), trophic transfer of NP from algae to daphnids 
(Bouldin et al., 2008) and to clams (Croteau et al., 2011), and as well 
as from daphnids to fish (Zhu et al., 2010) was shown for metal-based quantum dots, ZnO and TiO2 NP, respectively, evidencing diet 
as one pathway through which daphnids, clams and fish accumulate 
the metals. In another study, quantum dots were transferred to higher trophic organisms (rotifers) through dietary uptake of 
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ciliated protozoans (Holbrook et al., 2008). However, these studies did not resolve whether intact particles or the dissolved metals have 
been transferred. Similar as for dissolved metals, biomagnification, a process through which concentrations of chemicals increase in organisms from a lower to a higher trophic level within the same food web, was not observed to occur in these studies. However, even 
in absence of biomagnification, aquatic organisms can accumulate 
large amounts of metals and become a significant dietary source of metal to their predators (Reinfelder et al., 1998). One study has reported on the trophic transfer of intact particles in a system including bacteria previously exposed to quantum dots and protozoa that fed on the bacteria (Werlin et al., 2011). In this 
system, quantum dots were shown to be biomagnified in the protozoa that also displayed inhibited digestion as shown by the presence of intact bacteria containing NP in the food vacuoles of the protozoa. 
Trophic transfer and biomagnification of NP was also demonstrated in a terrestrial system composed of plants dosed with AuNP that were fed to hornworm larvae (Judy et al., 2011). The observation 
that NP may be biomagnified not only confirms the importance of dietary exposure for the transfer of NP, but also the fact that NP might accumulate up the food chain to concentrations eventually resulting in toxicity for predators. Clearly, more systematic work is necessary to understand the apparent contradictory information on 
NP biomagnification. 
5.4 Routes and Mechanisms of Uptake into 
Aquatic Organisms
Routes for uptake of NP are defined by the organism’s physiology, 
with uptake consisting of two principal steps. The first is association and potential uptake of NP by the cells forming the environment-organism barrier. Damage at this level may impair barrier functions, e.g., regarding nutrient uptake or pathogen defense. The second step in NP uptake comprises the ability of NP to actually translocate through this barrier tissue into the organism from where internal distribution can prevail. Unicellular organisms are special in a way that the cell itself comprises the environment-organism barrier so that uptake by the cell is equivalent to organism uptake. 
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5.4.1 Uptake RoutesOne route of uptake is through the respiratory system, e.g., the gills 
of fish or molluscs. Inasmuch as the gills’ functions is gas exchange (“breathing”), their large surface and direct exposure to water may render them sensitive targets of NP suspended in the water column 
and possible transfer points into organisms. Indeed, association with 
fish gill tissue of various MeNP has been found (Chen et al., 2011; Federici et al., 2007; Griffitt et al., 2012; Griffitt et al., 2009; Griffitt et 
al., 2007; Johnston et al., 2010; Li et al., 2009; Scown et al., 2010). 
 Cellular uptake of NP is difficult to confirm in vivo. Uptake was, however, demonstrated for AgNP in rainbow trout (Oncorhynchus 
mykiss) primary gill cell preparations (Farkas et al., 2011) and for WC-Co NP in the rainbow trout gill cell line, RTgill-W1 (Kuhnel et al., 2009). The latter study explicitly showed that NP can also be taken up by the cells when present in the exposure medium in agglomerated 
form. Indication for a possible translocation of NP through the gill epithelium comes from the study by (Farkas et al., 2011) where total silver transport through a primary gill cell monolayer was higher in the presence of AgNP compared to Ag+ ions.  Another route of NP exposure is through diet. Filter feeders, i.e., animals that feed by straining suspended matter and food particles 
from water, such as many forage fishes, crustaceans and aquatic molluscs, may be particularly exposed to NP dispersed in the water 
column, especially if NP are agglomerated/aggregated or aggregate-
bound (Ward and Kach, 2009). Indeed, NP have been found in association with intestinal structures upon aqueous exposure of the 
water flea, Daphnia magna, to AuNP (Lovern et al., 2008) and CuO NP (Heinlaan et al., 2011). Damage to digestive cells by MeNP has been demonstrated, e.g., in the freshwater bivalves Elliption complanata (Gagne et al., 2008) and Mytilus edulis (Koehler et al., 2008; Tedesco 
et al., 2008). Moreover, considering the common phenomenon 
of NP agglomeration/aggregation and sedimentation in natural 
waters, organisms living in sediments or feeding on biofilms may be particularly prone to NP exposure and thus uptake ((Ferry et al., 
2009), see Section 5.3). Along these lines, incorporation of TiO2 into the intestinal lumen was observed for the sediment dwelling marine polychaete, Arenicola marina (Galloway et al., 2010). Uptake into intestinal structures was also found in rainbow trout upon dietary TiO2 exposure (Johnston et al., 2010; Ramsden et al., 2009) and 
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through drinking water containing dispersed TiO2 NP (Federici et 
al., 2007).  Despite MeNP reaching, and interacting with, gill and intestinal tissue, it has not yet been shown conclusively that NP also cross these barriers to translocate into the body. The main reason for this lack of 
knowledge is instrumental limitations because it is difficult to track and quantify NP in complex biological matrices and to distinguish NP from ions dissolving from it. Thus, a biological response detected in a certain tissue or organ upon MeNP exposure could be an indirect 
effect of metal ions rather than particles reaching the target site; or it could result from a chain of events initiated at the organism-environment barrier and then being propagated to other tissues or organs without direct exposure to NP. Nevertheless, reports about 
the detection, e.g., in fish, of total metal content in brain, kidney, liver, ovary, and heart (Chen et al., 2011; Federici et al., 2007; Johnston et al., 2010; Scown et al., 2010) upon MeNP exposure are strong indications that uptake via environment-organism barriers does take place. Support also comes from a study with see-through medaka (Oryzias latipes): Kashiwada (Kashiwada, 2006) exposed 
adult medaka to 39.4 nm fluorescent latex particles for seven 
days after which he was able to quantify the fluorescence in many 
organs, including gills, intestine, liver, gallbladder and kidney. In the future, perfused organ cultures or in vitro models mimicking the gill and intestinal epithelial barriers could help to clarify if MeNP translocation indeed takes place (Handy et al., 2011). One aspect that should be considered though is the role of the mucosa, which could act in two opposing ways. Either, by enclosing the NP, it may prevent 
uptake by cells; or, by affording a biological coating, may facilitate NP uptake by epithelial cells. Clearly, these mechanisms need to be elucidated in order to understand bioavailability and thus uptake and internal distribution of NP. An interesting observation is that NP can enter ex utero fish 
embryo. This was first demonstrated by Kashiwada (Kashiwada, 
2006) in see-through medaka with the fluorescent latex particles 
(see above), which were first found in the envelop, yolk area and oil droplet and then shifted to yolk and gall bladder during embryo 
development. AgNP were subsequently demonstrated in zebrafish (Danio rerio) embryos to diffuse through chorion pore channels 
(Lee et al., 2007). Incorporation of AgNP was also found for fathead minnow (Pimephales promelas) embryos (Laban et al., 2010). Aside 
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from this route of entry being an ecologically relevant exposure path 
for egg-laying species, it also indicates potential uptake by diffusion via pores in cell membrane containing organisms, such as aquatic algae and plants.  The cell wall of algae, plants and bacteria comprises an additional barrier to the entry of NP compared to animal cells. Only few studies have unequivocally shown uptake of NP, such as the uptake of carbon-
based NP, into plant cells (Lin et al., 2009; Liu et al., 2009). In our own work we have seen uptake of AgNP in cells of the unicellular green algae, Chlamydomonas reinhardtii, but only in the presence of Ag+ 
ions, which may be due to altered permeability of the cell wall (Behra 
et al., unpublished). Conceivably, the composition and state of the cell wall likely plays a role in NP uptake. For example, permeability may increase during cell division (Navarro et al., 2008b). Complicating the issue of unequivocal proof of MeNP uptake by microbial cells and plant material is biogenesis of NP from metal ions, a process which is also biotechnologically exploited (Kannan and Subbalaxmi, 2011). Whether or not MeNP are taken up by cell-wall containing aquatic organisms, it has repeatedly been pointed out that damage to cells can proceed as long as NP are closely associated with the cell wall, e.g., (Rodea-Palomares et al., 2011). However, once the cell wall is damaged and the cell membrane reached, internalization into 
cells may proceed via fluid phase endocytic uptake (Etxeberria et al., 
2006; see Section 5.4.2).
5.4.2 Mechanisms of UptakeAs pointed out above, uptake of NP by organisms takes place by incorporation into cells; thus, uptake mechanisms need to be viewed on the cellular level. Understanding processes leading to particle uptake are important not only for linking particle exposure 
and toxicological effects but also because it connects to issues such 
as particle–biomolecule interactions (see Section 5.5), particle accumulation and transfer between tissues or along the food chain 
(see Section 5.3). 
 Initially, particle incorporation into animal cells was attributed 
mostly to cells able to perform phagocytosis, an actin-filament dependent process. However, Rejman et al. (Rejman et al., 2004) 
showed internalization of 500 nm and smaller fluorescent beads via endocytic paths into non-phagocytic cells (which did not take up 
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beads of 1000 nm size). The ability by non-phagocytic cells to take up NP has now been unequivocally shown in many studies. Examples are the incorporation of a variety of MeNP into human-derived cell 
cultures originating from different organs (Busch et al., 2011) and 
into fish gill cells (Farkas et al., 2011; Kuhnel et al., 2009). Two main 
paths of endocytosis can be distinguished. In calveolae-mediated endocytosis, cell surface lipid rafts lead to transfer of particles into the endoplasmic reticulum, the Golgi or through the cell by transcytosis. This path is also exploited by many viral pathogens (which often have 
a net-negative surface charge). In contrast, conventional endocytosis 
proceeds via uncoated (fluid-phase endocytosis) or clathrin-coated pits into the lysosomal degradative compartment (Moore, 2006). Which of these energy-dependent pathway(s) is more relevant for which type of particle is still very much debated and studies largely limited to polymer-based NP but multiple pathways often seem 
to simultaneously play a role (Hillaireau and Couvreur, 2009). In 
fact, in addition to active uptake mechanisms, passive diffusion has been suggested as a possible path of entry of NP into cells (Yacobi 
et al., 2010). Even though these insights largely stem from studies with vertebrate (and mostly mammalian) cells, endocytosis is an evolutionarily conserved pathway and cell membrane structures are universal. Therefore, similar mechanisms of uptake are likely to occur in other organisms as well. Finally, the question arises as to whether coating of NP with 
biomolecules will influence particle uptake and cell-internal 
trafficking (see also Section 5.5). Previously, serum and bovine serum albumin have been shown to stabilize tungsten-based NP 
in suspension (Bastian et al., 2009; Kuhnel et al., 2009; Meissner 
et al., 2010). A recent study focusing on serum-coated polystyrene particles showed that NP uptake rate into porcine aortic endothelial cells was drastically reduced in serum-containing exposure medium. 
However, intracellular trafficking was unaffected by the presence of serum (Guarnieri et al., 2011).
5.5 Nanoparticle–Biomolecule Interactions
When NP come into contact with biological fluids they immediately interact with the biomolecules present. This changes the physico-
chemical properties of the NP, by affecting their zeta potential, their size and the functional groups exposed to the bulk solution, but also 
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affects the biological functioning of the bound biomolecules, for instance through conformational changes in proteins.
5.5.1 Biologically Induced Transformation of 
Nanoparticles Nanoparticles that come into contact with biological systems, e.g., blood plasma, immediately get coated with biomolecules, forming a corona where amount and type of bound biomolecules is determined by the NP size and surface properties (Cedervall et al., 2007; 
Lundqvist et al., 2008; Ruh et al., 2012), and also by the interaction of the biomolecules among themselves (Jiang et al., 2010). Suresh et al., e.g., showed that cytotoxicity induced by AgNP depends on surface coatings and cell types (Suresh et al., 2012). Other biomolecules that have been shown to adsorb to NP at environmentally relevant pH and salt concentrations are bacterial extracellular proteins and 
polysaccharides present in biofilms (Khan et al., 2011a; Khan et al., 2011b). Various techniques have been used to analyze the structure of the resulting nanomaterial bio-conjugates, ranging from separation techniques, to scattering techniques, microscopy and spectroscopy (Sapsford et al., 2011).
 It has been proposed that the particle’s “corona” of adsorbed biomolecules is the driving force in the interaction with biological 
systems, and not the NP itself (Lynch et al., 2007; Lynch and Dawson, 2008; Nel et al., 2009). This has been supported by the fact that blood 
plasma-derived particle–biomolecule complexes are sufficiently long-lived that they can be extracted from the plasma and still show the same properties as in their native environment, as long as their 
tertiary structure is not affected (Walczyk et al., 2010). While the structure and size of the NP will determine the nature of the corona 
formed in a given matrix, the coating will define its surface charge, its stability and its hydrodynamic size, and thus its interaction with a cell (Colvin and Kulinowski, 2007). There is for instance evidence that suggests cellular uptake of NP is reduced for NP with a protein corona (Jiang et al., 2010). Furthermore, the corona is a dynamic system exchanging with the surrounding matrix, leading to an 
enrichment of proteins with high affinity for the NP surface after an initial coating by highly abundant proteins (Cedervall et al., 2007). 
 In blood plasma, the corona on citrate-stabilized AuNP has been shown to grow with incubation time (Dobrovolskaia et al., 2009). 
Nanoparticle–Biomolecule Interactions
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Various plasma proteins were found bound to the surface of these AuNP and it is well possible that their biological functioning has 
been affected by the binding due to altered protein conformation, 
exposure of novel epitopes, and avidity effects caused by the close spatial repetition of identical proteins (Cedervall et al., 2007). The 
dynamics of the corona is reflected by measured residence times in the order of 100 s for human serum albumin bound to polymer-
coated NP (FePt, CdSe/ZnS) (Jiang et al., 2010; Röcker et al., 2009). 
5.5.2 Nanoparticle-Induced Changes to Biological Target 
SitesThe binding of proteins and other biomolecules to NP is strongly driven by electrostatic forces but can also be based on direct 
interaction of functional groups with the metal surface. This specific 
interaction can affect cellular functioning by blocking access to binding domains of ligands, cofactors or DNA, or by inducing conformational changes in proteins and protein complexes. Altered 
protein conformation could be shown by Bellezza et al. (2009). They found that the tertiary structure of myoglobin bound to nano-
sized nickel aluminum hydrotalcite was disturbed (Bellezza et al., 2009). The native conformation was re-established upon desorption from the particle. Wigginton et al. showed that AgNP specifically bind enzymes such as bacterial tryptophanase (TNase), as well as membrane proteins (Wigginton et al., 2010). They found two tryptic 
fragments of TNase that specifically bound uncoated AgNP but did 
not bind carbonate coated AgNP. It was hypothesized that these two peptides, located very close to the active site of TNase, were responsible for the strongly suppressed enzymatic activity when the enzyme was exposed to bare AgNP compared to the coated particles. 
 Biomolecules might also be modified by reactive oxygen species (ROS) which can be formed directly or through released metal ions, which then induce DNA damage, lipid peroxidation and oxidative 
protein damage (Braconi et al., 2011; Nel et al., 2009). One very specific 
modification of proteins caused by oxidative stress is carbonylation of amino acids, but cleavage of the protein backbone or amino acid side chains is also observed (Madian and Regnier, 2010). Protein carbonylation together with ubiquitination was for instance shown to be induced by AuNP in the blue mussle Mytilus edulis (Tedesco et 
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al., 2008). The authors also found increased levels of thiol oxidation, which they also attributed to oxidation (Tedesco et al., 2010). TiO2 
NP also significantly increased the antioxidant enzyme activity in 
Daphania magna leading to a dose-dependent increase of catalase, glutathione peroxidase and glutathione-S-transferase (Kim et al., 
2010). Similar effects were seen in Danio rerio upon exposure to ZnO NP (Xiong et al., 2011). A consequence of protein oxidation is the thermodynamic instability of the tertiary structure, which leads to exposed hydrophobic amino acids, resulting in aggregation and loss 
of enzymatic activity (Squire, 2001). This was confirmed by Linse et 
al. who showed that NP (copolymer particles, CeO2, quantum dots, and carbon nanotubes) catalyzes aggregation of proteins, and by this potentially increases the risk of amyloidosis and other protein-
misfolding diseases (Linse et al., 2007).
5.6 Research NeedsA proper evaluation of risks of NP to the aquatic environment requires synthesis of knowledge covering physical, chemical and biological aspects of NP behavior and NP–biota interaction. A useful framework is to acknowledge the similarity of processes taking place 
in either the abiotic or biotic environment (Fig. 5.1). 
Figure 5.1 NP can undergo a variety of processes which determine their fate in the abiotic environment and interaction with biota. These processes are of relevance to both the abiotic and biotic environment; therefore, understanding of processes in either environment can inform about impact in the other.
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 For example, knowledge on the pH-dependence of MeNP dissolution is of relevance to predict the role of metal ion vs. MeNP exposure and at the same time helps understand intracellular fate, such as potential dissolution processes in the lysosome, a cellular 
compartment with low pH. In fact, given the substantial knowledge on impact of metal ions on aquatic organisms, examination of the distinct contribution of the particulate and dissolved form in both the abiotic environment and in biota is of high importance because for regulatory purposes, risk assessment based on the dissolved form 
may suffice. To this end, uptake mechanisms and organism- and cell-internal processes need attention to allow to truly link NP exposure 
and effects. In the same vein, understanding the role of intended (such as citrate) or unintended (such as humic acids or proteins) coating of NP is required to properly account for bioavailability 
and potential effects. Effects studies should refer to concentrations that can reasonably be expected in the aquatic environment based on knowledge on the use, physico-chemical properties of the NP or also evolving fate models (e.g., Mueller and Nowack, 2008). Concentration should also be seen in the context of the natural background, such as in the case of TiO2. The published distribution studies in model ecosystems do inform on exposure pathways and allow to identify environmental sinks of NP. However, the question of whether bio-accumulated NP result in a diminished performance 
of ecosystem processes is still open to investigation. Because NP display a high diversity in chemical composition and physico-chemical characteristics and the fact that ecological experiments are 
time-consuming and complex, research efforts should put priority on those NP predicted to occur in the environment in larger quantities. Having said this, one should not lose sight of advancements in 
knowledge of NP behavior and effects in other contexts, such as from 
the medical field, because these studies can inform about NP–biota interaction for aquatic organisms as well.
References
Badawy, A.M.E., et al., 2010. Impact of environmental conditions (pH, ionic strength, and electrolyte type) on the surface charge and aggregation of silver nanoparticles suspensions. Environmental Science & Technology, 44(4): 1260–1266.
155References
Bastian, S., et al., 2009. Toxicity of tungsten carbide and cobalt-doped tungsten carbide nanoparticles in mammalian cells in vitro. Environmental 
Health Perspectives, 117(4): 530–536.
Baun, A., Hartmann, N.B., Grieger, K., and Kusk, K.O., 2008. Ecotoxicity of engineered nanoparticles to aquatic invertebrates: a brief review and recommendations for future toxicity testing. Ecotoxicology, 17(5): 
387–395.
Bell, R.A., and Kramer, J.R., 1999. Structural chemistry and geochemistry of silver–sulfur compounds: Critical review. Environmental Toxicology 
and Chemistry, 18(1): 9–22.
Bellezza, F., Cipiciani, A., Latterini, L., Posati, T., and Sassi, P., 2009. Structure and catalytic behavior of myoglobin adsorbed onto nanosized hydrotalcites. Langmuir, 25(18): 10918–10924.
Bernhardt, E.S., et al., 2010. An ecological perspective on nanomaterial impacts in the environment. Journal of Environmental Quality, 39(6): 
1954–1965.
Bouldin, J.L., et al., 2008. Aqueous toxicity and food chain transfer of quantum dots (TM) in freshwater algae and Ceriodaphnia dubia. Environmental 
Toxicology and Chemistry, 27(9): 1958–1963.
Braconi, D., Bernardini, G., and Santucci, A., 2011. Linking protein oxidation to environmental pollutants: Redox proteomic approaches. Journal of 
Proteomics, 74(11): 2324–2337.
Busch, W., et al., 2011. Internalisation of engineered nanoparticles into 
mammalian cells in vitro: influence of cell type and particle properties. 
Journal of Nanoparticle Research, 13(1): 293–310.
Campbell, P.G., Errécalde, O., Fortin, C., Hiriart-Baer, V.P., and Vigneault, 
B., 2002. Metal bioavailability to phytoplankton—applicability of the biotic ligand model. Comparative Biochemistry and Physiology 
C—Toxicology & Pharmacology, 133: 189–206.Cedervall, T., et al., 2007. Understanding the nanoparticle-protein corona 
using methods to quantify exchange rates and affinities of proteins for nanoparticles. Proceedings of the National Academy of Sciences of the 
United States of America, 104(7): 2050–2055.
Chen, J.Y., Dong, X., Xin, Y.Y., and Zhao, M.R., 2011. Effects of titanium dioxide nano-particles on growth and some histological parameters of 
zebrafish (Danio rerio) after a long-term exposure. Aquatic Toxicology, 101(3–4): 493–499.
Colvin, V.L., and Kulinowski, K.M., 2007. Nanoparticles as catalysts for 
protein fibrillation. Proceedings of the National Academy of Sciences of 
the United States of America, 104(21): 8679–8680.
156 Ecotoxicological Aspects of Nanomaterials in the Aquatic Environment
Croteau, M.N., Dybowska, A.D., Luoma, S.N., and Valsami-Jones, E., 2011. A novel approach reveals that zinc oxide nanoparticles are bioavailable and toxic after dietary exposures. Nanotoxicology, 5(1): 79–90.
De Faria, L.A., and Trasatti, S., 1994. The point of zero charge of CeO2. Journal 
of Colloid and Interface Science, 167(2): 352–357.Dobrovolskaia, M.A., et al., 2009. Interaction of colloidal gold nanoparticles 
with human blood: effects on particle size and analysis of plasma 
protein binding profiles. Nanomedicine: Nanotechnology, Biology, and 
Medicine, 5: 106–117.Domingos, R.F., Tufenkji, N., and Wilkinson, K.J., 2009. Aggregation of titanium dioxide nanoparticles: Role of a fulvic acid. Environmental 
Science & Technology, 43(5): 1282–1286.Elzey, S., and Grassian, V.H., 2010. Agglomeration, isolation and dissolution of commercially manufactured silver nanoparticles in aqueous environments. Journal of Nanoparticle Research, 12: 1945–1958.
Etxeberria, E., Gonzalez, P., Baroja-Fernandez, E., and Romero, J.P., 2006. 
Fluid phase endocytic uptake of artificial nano-spheres and fluorescent quantum dots by Sycamore cultured cells. Plant Signaling and Behavior, 1(3): 196–200.Farkas, J., et al., 2011. Uptake and effects of manufactured silver nanoparticles in rainbow trout (Oncorhynchus mykiss) gill cells. Aquatic Toxicology, 
101(1): 117–125.
Farre, M., Gajda-Schrantz, K., Kantiani, L., and Barcelo, D., 2009. Ecotoxicity and analysis of nanomaterials in the aquatic environment. Analytical 
and Bioanalytical Chemistry, 393(1): 81–95.
Federici, G., Shaw, B.J., and Handy, R.D., 2007. Toxicity of titanium dioxide nanoparticles to rainbow trout (Oncorhynchus mykiss): Gill injury, 
oxidative stress, and other physiological effects. Aquatic Toxicology, 
84(4): 415–430.
Ferry, J.L., et al., 2009. Transfer of gold nanoparticles from the water column to the estuarine food web. Nature Nanotechnology, 4(7): 441–444.Franklin, N.M., et al., 2007. Comparative toxicity of nanoparticulate ZnO, bulk ZnO, and ZnCl2 to a freshwater microalga (Pseudokirchneriella 
subcapitata): The importance of particle solubility. Environmental 
Science & Technology, 41(24): 8484–8490.Gagne, F., et al., 2008. Ecotoxicity of CdTe quantum dots to freshwater 
mussels: Impacts on immune system, oxidative stress and genotoxicity. 
Aquatic Toxicology, 86(3): 333–340.
157References
Galloway, T., et al., 2010. Sublethal toxicity of nano-titanium dioxide and carbon nanotubes in a sediment dwelling marine polychaete. 
Environmental Pollution, 158(5): 1748–1755.Gao, J., et al., 2009. Dispersion and toxicity of selected manufactured 
nanomaterials in natural river water samples: Effects of water chemical composition. Environmental Science & Technology, 43(9): 3322–3328.
Griffitt, R.J., et al., 2012. Effects of chronic nanoparticulate silver exposure to adult and juvenile sheepshead minnows (Cyprinodon variegatus). 
Environmental Toxicology and Chemistry, 31(1): 160–167.
Griffitt, R.J., Hyndman, K., Denslow, N.D., and Barber, D.S., 2009. Comparison 
of molecular and histological changes in zebrafish gills exposed to metallic nanoparticles. Toxicological Sciences, 107(2): 404–415.
Griffitt, R.J., et al., 2007. Exposure to copper nanoparticles causes gill injury 
and acute lethality in zebrafish (Danio rerio). Environmental Science & 
Technology, 41(23): 8178–8186.
Guarnieri, D., Guaccio, A., Fusco, S., and Netti, P.A., 2011. Effect of serum proteins on polystyrene nanoparticle uptake and intracellular 
trafficking in endothelial cells. Journal of Nanoparticle Research, 13(9): 
4295–4309.Handy, R.D., et al., 2011. Effects of manufactured nanomaterials on fishes: a target organ and body systems physiology approach. Journal of Fish 
Biology, 79(4): 821–853.
Handy, R.D., Henry, T.B., Scown, T.M., Johnston, B.D., and Tyler, C.R., 2008a. 
Manufactured nanoparticles: their uptake and effects on fish-a mechanistic analysis. Ecotoxicology, 17(5): 396–409.Handy, R.D., et al., 2008b. The ecotoxicology and chemistry of manufactured nanoparticles. Ecotoxicology, 17: 287–314.
Hayes, S.A., Yu, P., O’Keefe, T.J., O’Keefe, M.J., and Stoffer, J.O., 2002. The phase 
stability of cerium species in aqueous systems—I. E-pH diagram for the Ce–HClO4–H2O system. Journal of the Electrochemical Society, 149(12): C623–C630.Heinlaan, M., et al., 2011. Changes in the Daphnia magna midgut upon ingestion of copper oxide nanoparticles: A transmission electron microscopy study. Water Research, 45(1): 179–190.Hillaireau, H., and Couvreur, P., 2009. Nanocarriers’ entry into the cell: relevance to drug delivery. Cellular and Molecular Life Sciences, 66(17): 2873–2896.
Hiriart-Baer, V.P., Fortin, C., Lee, D.Y., and Campbell, P.G.C., 2006. Toxicity of silver to two freshwater algae, Chlamydomonas reinhardtii and 
158 Ecotoxicological Aspects of Nanomaterials in the Aquatic Environment
Pseudokirchneriella subcapitata, grown under continuous culture 
conditions: Influence of thiosulphate. Aquatic Toxicology, 78: 136–148.
Holbrook, R.D., Murphy, K.E., Morrow, J.B., and Cole, K.D., 2008. Trophic 
transfer of nanoparticles in a simplified invertebrate food web. Nature 
Nanotechnology, 3(6): 352–355.
Huynh, K.A., and Chen, K.L., 2011. Aggregation kinetics of citrate and polyvinylpyrrolidone coated silver nanoparticles in monovalent and divalent electrolyte solutions. Environmental Science & Technology, 
45(13): 5564–5571.
Jiang, J.K., Oberdorster, G., and Biswas, P., 2009. Characterization of size, surface charge, and agglomeration state of nanoparticle dispersions for toxicological studies. Journal of Nanoparticle Research, 11: 77–89.Jiang, X., et al., 2010. Quantitative analysis of the protein corona on FePt nanoparticles formed by transferrin binding. Journal of the Royal 
Society Interface, 7: S5–S13.
Johnston, B.D., et al., 2010. Bioavailability of nanoscale metal oxides TiO2, CeO2, and ZnO to fish. Environmental Science & Technology, 44(3): 
1144–1151.
Judy, J.D., Unrine, J.M., and Bertsch, P.M., 2011. Evidence for biomagnification of gold nanoparticles within a terrestrial food chain. Environmental 
Science & Technology, 45(2): 776–781.Kaegi, R., et al., 2011. Behavior of metallic silver nanoparticles in a pilot wastewater treatment plant. Environmental Science & Technology, 
45(9): 3902–3908.
Kannan, N., and Subbalaxmi, S., 2011. Biogenesis of nanoparticles—A current perspective. Reviews on Advanced Materials Science, 27(2): 99–114.Kashiwada, S., 2006. Distribution of nanoparticles in the see-through medaka (Oryzias latipes). Environmental Health Perspectives, 114(11): 1697–1702.
Khan, S.S., Mukherjee, A., and Chandrasekaran, N., 2011a. Impact of exopolysaccharides on the stability of silver nanoparticles in water. 
Water Research, 45: 5184–5190.Khan, S.S., Srivatsan, P., Vaishnavi, N., Mukherjee, A., and Chandrasekaran, 
N., 2011b. Interaction of silver nanoparticles (SNPs) with bacterial extracellular proteins (ECPs) and its adsorption isotherms and kinetics. Journal of Hazardous Materials, 192: 299–306.Kim, K., Klaine, S., Cho, J., Kim, S.-H., and Kim, S., 2010. Oxidative stress responses of Daphnia magna exposed to TiO2 nanoparticles according 
159
to size fractionation. Science of the Total Environment, 408(10): 2268–2272.King-Heiden, T.C., et al., 2009. Quantum dot nanotoxicity assessment using 
the zebrafish embryo. Environmental Science & Technology, 43(5): 
1605–1611.Kittler, S., Greulich, C., Diendorf, J., Köller, M., and Epple, M., 2010. Toxicity of silver nanoparticles increases during storage because of slow dissolution under release of silver ions. Chemistry of Materials., 22: 
4548–4554.Klaine, S.J., et al., 2008. Nanomaterials in the environment: Behavior, fate, 
bioavailability, and effects. Environmental Toxicology and Chemistry, 
27(9): 1825–1851.
Knauss, K.G., Dibley, M.J., Bourcier, W.L., and Shaw, H.F., 2001. Ti(IV) hydrolysis constants derived from rutile solubility measurements made from 100 to 300°C. Applied Geochemistry, 16(9–10): 1115–1128.
Koehler, A., Marx, U., Broeg, K., Bahns, S., and Bressling, J., 2008. Effects of 
nanoparticles in Mytilus edulis gills and hepatopancreas—A new threat to marine life? Marine Environmental Research, 66(1): 12–14.Kuhnel, D., et al., 2009. Agglomeration of tungsten carbide nanoparticles in exposure medium does not prevent uptake and toxicity toward a rainbow trout gill cell line. Aquatic Toxicology, 93(2–3): 91–99.
Laban, G., Nies, L.F., Turco, R.F., Bickham, J.W., and Sepulveda, M.S., 2010. 
The effects of silver nanoparticles on fathead minnow (Pimephales 
promelas) embryos. Ecotoxicology, 19(1): 185–195.
Lee, K.J., Nallathamby, P.D., Browning, L.M., Osgood, C.J., and Xu, X.H.N., 
2007. In vivo imaging of transport and biocompatibility of single silver 
nanoparticles in early development of zebrafish embryos. ACS Nano, 1(2): 133–143.
Li, H.C., et al., 2009. Effects of waterborne nano-iron on medaka (Oryzias 
latipes): Antioxidant enzymatic activity, lipid peroxidation and histopathology. Ecotoxicology and Environmental Safety, 72(3): 684–692.
Lin, S.J., et al., 2009. Uptake, translocation, and transmission of carbon nanomaterials in rice plants. Small, 5(10): 1128–1132.
Linse, S., et al., 2007. Nucleation of protein fibrillation by nanoparticles. 
Proceedings of the National Academy of Sciences of the United States of 
America, 104(21): 8691–8696.
Liu, Q.L., et al., 2009. Carbon nanotubes as molecular transporters for walled plant cells. Nano Letters, 9(3): 1007–1010.
References
160 Ecotoxicological Aspects of Nanomaterials in the Aquatic Environment
Lovern, S.B., Owen, H.A., and Klaper, R., 2008. Electron microscopy of gold nanoparticle intake in the gut of Daphnia magna. Nanotoxicology, 2(1): 43–48.
Lundqvist, M., et al., 2008. Nanoparticle size and surface properties determine the protein corona with possible implications for biological impacts. Proceedings of the National Academy of Sciences of the United 
States of America, 105(38): 14265–14270.
Luther, G.W., and Rickard, D.T., 2005. Metal sulfide cluster complexes and their biogeochemical importance in the environment. Journal of 
Nanoparticle Research, 7(4–5): 389–407.
Lynch, I., et al., 2007. The nanoparticle-protein complex as a biological entity; 
a complex fluids and surface science challenge for the 21st century. 
Advances in Colloid and Interface Science, 134–135: 167–174.
Lynch, I., and Dawson, K.A., 2008. Protein–nanoparticle interactions. 
Nanotoday, 3(1–2): 40–47.
Madian, A.G., and Regnier, F.E., 2010. Proteomic identification of carbonylated proteins and their oxidation sites. Journal of Proteome Research, 9(8): 3766–3780.Meissner, T., et al., 2010. Physical-chemical characterization of tungsten carbide nanoparticles as a basis for toxicological investigations. 
Nanotoxicology, 4(2): 196–206.Moore, M.N., 2006. Do nanoparticles present ecotoxicological risks for the health of the aquatic environment? Environment International, 32(8): 967–976.
Mueller, N.C., and Nowack, B., 2008. Exposure modeling of engineered nanoparticles in the environment. Environmental Science & Technology, 
42(12): 4447–4453.
Nabavi, M., Spalla, O., and Cabane, B., 1993. Surface chemistry of nanometric ceria particles in aqueous dispersions. Journal of Colloid and Interface 
Science, 160: 459–471.Navarro, E., et al., 2008a. Environmental behavior and ecotoxicity of engineered nbanoparticles to algae, plants, and fungi. Ecotoxicology, 17: 372–386.Navarro, E., et al., 2008b. Toxicity of silver nanoparticles to Chlamydomonas 
reinhardtii. Environmental Science & Technology, 42: 8959–8964.Nel, A.E., et al., 2009. Understanding biophysicochemical interactions at the nano-bio interface. Nature Materials, 8: 543–557.
Nowack, B., and Bucheli, T.D., 2007. Occurrence, behavior and effects of nanoparticles in the environment. Environmental Pollution, 150(1): 
5–22.
161
Odzak, N., Kistler, D., Behra, R., and Sigg, L., 2012. Dissolution of silver, zinc oxide and copper nanoparticles in preparation.
Piccapietra, F., Sigg, L., and Behra, R., 2012. Colloidal Stability of carbonate-coated silver nanoparticles in synthetic and natural freshwater. 
Environmental Science & Technology 46: 818–825.
Ramsden, C.S., Smith, T.J., Shaw, B.J., and Handy, R.D., 2009. Dietary exposure to titanium dioxide nanoparticles in rainbow trout, (Oncorhynchus 
mykiss): no effect on growth, but subtle biochemical disturbances in the brain. Ecotoxicology, 18(7): 939–951.
Reinfelder, J.R., Fisher, N.S., Luoma, S.N., Nichols, J.W., and Wang, W.X., 1998. Trace element trophic transfer in aquatic organisms: A critique of the kinetic model approach. Science of the Total Environment, 219(2–3): 
117–135.
Rejman, J., Oberle, V., Zuhorn, I.S., and Hoekstra, D., 2004. Size-dependent internalization of particles via the pathways of clathrin-and caveolae-mediated endocytosis. Biochemical Journal, 377: 159–169.Röcker, C., Pötzl, M., Zhang, F., Parak, W., and Nienhaus, G.U., 2009. A 
quantitative fluorescence study of protein monolayer formation on colloidal nanoparticles. Nature Nanotechnology, 4: 557–580.
Rodea-Palomares, I., et al., 2011. Physicochemical characterization and ecotoxicological assessment of CeO2 nanoparticles using two aquatic microorganisms. Toxicological Sciences, 119(1): 135–145.Rogers, N.J., et al., 2009. Physico-chemical behaviour and algal toxicity of nanoparticulate CeO2 in freshwater. Environmental Chemistry, 7(1): 
50–60.Ruh, H., et al., 2012. Identification of serum proteins bound to industrial nanomaterials. Toxicology Letters, 208: 41–50.
Sapsford, K.E., Tyner, K.M., Dair, B.J., Deschamps, J.R., and Medintz, I.L., 2011. Analyzing nanomaterial bioconjugates: A review of current 
and emergin purification and characterization techniques. Analytical 
Chemistry, 83: 4453–4488.Scown, T.M., et al., 2010. Effects of Aqueous Exposure to Silver Nanoparticles 
of Different Sizes in Rainbow Trout. Toxicological Sciences, 115(2): 
521–534.Squire, T., 2001. Oxidative stress and protein aggregation during biological aging. Experimental Gerontology, 36: 1539–1550.Suresh, A.K., et al., 2012. Cytotoxicity induced by engineered silver nanocrystallites is dependent on surface coatings and cell types. 
Langmuir, DOI: 10.1021/la2042058.
References
162 Ecotoxicological Aspects of Nanomaterials in the Aquatic Environment
Tedesco, S., Doyle, H., Blasco, J., Redmond, G., and Sheehan, D., 2010. Exposure of the blue mussel, Mytilus edulis, to gold nanoparticles and the pro-oxidant menadione. Comparative Biochemistry and Physiology—Part 
C: Toxicology & Pharmacology, 151: 167–174.Tedesco, S., Doyle, H., Redmond, G., and Sheehan, D., 2008. Gold nanoparticles and oxidative stress in Mytilus edulis. Marine Environmental Research, 66(1): 131–133.
Truhaut, R., 1977. Eco-toxicology—Objectives, principles and perspectives. 
Ecotoxicology and Environmental Safety, 1(2): 151–173.Van Hoecke, K., et al., 2009. Fate and Effects of CeO2 Nanoparticles in aquatic ecotoxicity tests. Environmental Science & Technology, 43(12): 4537–
4546.
Walczyk, D., Baldelli Bombelli, F., Monopoli, M.P., Lynch, I., and Dawson, K.A., 2010. What the cell ”sees” in bionanoscience. JACS, 132(5761–5768).Ward, J.E., and Kach, D.J., 2009. Marine aggregates facilitate ingestion of nanoparticles by suspension-feeding bivalves. Marine Environmental 
Research, 68(3): 137–142.Werlin, R., et al., 2011. Biomagnification of cadmium selenide quantum dots in a simple experimental microbial food chain. Nature Nanotechnology, 
6(1): 65–71.Wigginton, N., et al., 2010. Binding of silver nanoparticles to bacterial 
proteins depends on surface modifications and inhibits enzymatic activity. Environmental Science & Technology, 44: 2163–2168.
Xiong, D., Fang, T., Yu, L., Sima, X., and Zhu, W., 2011. Effect of nano-scale TiO2, 
ZnO and their bulk counterparts on zebrafish: Acute toxicity, osidative stress and oxidative damage. Science of the Total Environment, 409: 
1444–1452.Yacobi, N.R., et al., 2010. Mechanisms of alveolar epithelial translocation of 
a defined population of nanoparticles. American Journal of Respiratory 
Cell and Molecular Biology, 42(5): 604–614.Yu, P., and O’Keefe, T.J., 2006. The phase stability of cerium species in aqueous 
systems—III. The Ce(III/IV)–H2O–H2O2/O2 systems dimeric Ce(IV) species. Journal of the Electrochemical Society, 153(1): C80–C85.Zhu, X.S., Wang, J.X., Zhang, X.Z., Chang, Y., and Chen, Y.S., 2010. Trophic transfer of TiO2 nanoparticles from daphnia to zebrafish in a simplified freshwater food chain. Chemosphere, 79(9): 928–933.Ziemniak, S.E., Jones, M.E., and Combs, K.E.S., 1993. Solubility behavior of 
titanium(IV) oxide in alkaline media. Journal of Solution Chemistry, 22: 601–623.
